This article presents a critical review of two groups of studies that reported adverse effects to salmon and herring eggs and fry from exposure to 1 µg/L or less of aqueous total polycyclic aromatic hydrocarbons (TPAH), as weathered oil, and a more toxic aqueous extract of "very weathered oil." Exposure media were prepared by continuously flowing water up through vertical columns containing gravel oiled at different concentrations of Prudhoe Bay crude oil. Uncontrolled variables associated with the use of the oiled gravel columns included time-and treatment-dependent variations in the PAH concentration and composition in the exposure water, unexplored toxicity from other oil constituents/degradation products, potential toxicity from bacterial and fungal activity, oil droplets as a potential contaminant source, inherent differences between control and exposed embryo populations, and water flow rate differences. Based on a review of the evidence from published project reports, peer-reviewed publications, chemistry data in a public database, and unpublished reports and laboratory records, the reviewed studies did not establish consistent dose (concentration) response or causality and thus do not demonstrate that dissolved PAH alone from the weathered oil resulted in the claimed effects on fish embryos at low µg/L TPAH concentrations. Accordingly, these studies should not be relied on for management decision-making, when assessing the risk of very low-level PAH exposures to early life stages of fish.
INTRODUCTION
In the late 1990s, scientists with the National Oceanic and Atmospheric Administration (NOAA) Auke Bay Laboratory (ABL) in Juneau, Alaska, published several studies on the effects of aqueous fractions of weathered crude oil upon salmon and herring eggs and larvae during exposure to water flowing through columns containing oiled-gravel. The investigators interpreted the results of these experiments as evidence of toxicological effects from exposure to 1 µg/L or lower of dissolved total polycyclic aromatic hydrocarbons (TPAH) (Heintz et al. 1995 Carls et al. 1997 Carls et al. , 1999 . They also concluded that oil toxicity increased with weathering. Their work has been quoted by other authors as representing a "new paradigm" in the evaluation of toxicity of PAH to fish early life stages (Rice et al. 2001; Peterson et al. 2003) , demonstrating that weathered oil is more toxic and that fish embryos are more sensitive to oil than previously thought. Carls and Meador (2009) stated that this work "unambiguously demonstrates that dissolved PAHs from weathered crude oil severely impact fish embryos at low µg/L concentrations." Although later studies could not replicate these findings (Brannon et al. 2006; Sebastian 2010) , they have been interpreted as requiring "necessary modifications of environmental standards for water quality, storm water control, chronic low-level oil releases, and many other human activities" (Carls et al. 2002) .
We have reviewed all available information pertaining to the toxicity studies of Heintz et al. (1995 Heintz et al. ( , 1999 , and Carls et al. (1997 Carls et al. ( , 1999 Carls et al. ( , 2003 Carls et al. ( , 2005 as well as related studies. This review included original chemistry data in the public Exxon Valdez Trustee Council Hydrocarbon Database (EVTHD; EVOSTC 2009), published data in project reports and peer-reviewed papers, and original laboratory notebooks, data, observations, and other information underlying the experiments (Dahlberg 1998; Sebastian 2010) obtained under the Freedom of Information Act (FOIA) . Based on our review, we find that the evidence produced by these studies does not support the conclusions that weathered oil is toxic at low µg/L TPAH concentrations or that oil toxicity increases with weathering. In addition, this review found evidence that these experimental studies were compromised by uncontrolled variables including variation in concentration and composition of exposure media, failure to demonstrate causality, presence of particulate (non-dissolved) oil, microbial activity in the gravel columns, microbial infections, and variation in brood sources that would have limited the conclusions that could be drawn from the studies.
OVERVIEW OF THE OILED-GRAVEL COLUMN EXPERIMENTS
A series of experiments using unfiltered water upwelling through oiled gravel columns to provide an exposure medium were begun at the NOAA Auke Bay Laboratory in Alaska in 1992 to simulate exposure of early life stages of Pacific herring (Clupea pallasi) and pink salmon (Oncorhynchus gorbuscha) to dissolved petroleum constituents in water that had passed through oiled shoreline gravel (Marty et al. Toxicity of PAHs on Early Life Stages of Herring and Salmon 1997a,b) Although the experiments were designed to simulate exposure of salmon and herring to oil leaching from intertidal sediments that were contaminated with the Alaska North Slope Crude oil released from the Exxon Valdez, the source of the crude oil used in all the column studies was not identified. Marty et al. (1997b) reported that the oil was collected from the Prudhoe Bay field (PBCO) in 1992. An implicit assumption was made that dissolved PAH and related sulfur heterocyclic compounds were the only toxic components in the aqueous extracts of the artificially weathered crude oil. These oiled gravel column studies include a 1992 salmon study (Marty et al. 1997b ), a 1993 salmon study (Heintz et al. 1995 , a 1995 herring study (Carls et al. 1997 (Carls et al. , 1999 , a 1995 salmon study (Wertheimer et al. 1999 ), a 1998 salmon study (Heintz 2000) and a 1999 salmon study (Carls et al. 2003 (Carls et al. , 2005 . The 1993 salmon study and the 1995 herring study will be discussed in detail here because they form the basis for the conclusions described above as the "new paradigm."
In the experiments, PBCO was treated to simulate various degrees of weathering. In all cases, the weathered oil to be tested was mixed with gravel that was then placed in vertical cylindrical columns (Figure 1 ). In the salmon studies, eggs or larvae to be tested were placed either directly on the gravel or on a perforated plate in the effluent water above the gravel (Figure 1 ). In the 1993 salmon study, alternating freshwater (8 h) and seawater (4 h) was flowed through the column from bottom to top to simulate an intertidal environment. Pink salmon (Oncorhynchus gorbusch) are adapted to spawn in estuarine (intertidal) and freshwater reaches of salmon streams. In the other salmon studies, similar variations between fresh and seawater were used to represent tidal flow. In the herring study, eggs were placed on glass slides that were continuously exposed in separate tanks to the seawater effluent from the columns. ) and herring embryos (Carls et al. 1999 (Carls et al. , 2005 . The column dimensions for the salmon study were 60 cm × 15 cm diameter and were 122 × 30 cm diameter for the herring study.
After various periods of exposure, measurements of PAH exposure and organism response to that aqueous extract were made. Response measurements included egg and larva mortality, and selected sublethal effects to larval forms. Chemical measurements included the concentration of total solvent extractable hydrocarbons (mg/kg) in the gravel at the start of the experiment, and the concentrations of 40 individual PAH and alkyl-PAH congener groups, and 23 alkanes in water (µg/L), tissue (µg/kg dw), and oiled gravel (µg/kg dw) for samples taken at time intervals during each experiment. Total PAH (TPAH) were reported as the sum of detected PAH, including some sulfur heterocyclics.
RELATING PAH EXPOSURE TO OBSERVED RESPONSES
The relationship between the exposure concentration of a toxicant and its corresponding effect on an organism is based on 3 key principles (Rand 2008; Timbrell 2000) :
1. the toxic response depends on the concentration of toxicant at the site of action in the organism; 2. the concentration at the site of action is directly proportional to the external exposure concentration as determined by the toxicokinetics; and 3. the response is causally related to the toxicant chosen for the dose metric.
In order to support the authors' conclusions, the data from the studies reviewed here must follow these three criteria, where dose is defined by a PAH concentration in water or tissue and response is defined by acute mortality, chronic mortality, or sublethal effect. For dose, defined as water concentration, each exposure concentration must be controlled and known to ensure that it accurately reflects the internal concentration of a toxicant in the target tissue of the exposed organism as modified by the toxicokinetics. A major complication in all of the oiled gravel column studies is that the aqueous PAH concentrations declined dramatically over the course of the exposure. Also, the aqueous PAH composition varied between treatments and within treatments during the exposure period. Thus, it impossible to define a water concentration level associated with a given effect (Mathew et al. 2008) . Internal dose, expressed here as tissue PAH concentration, provides a more realistic assessment of exposure than water PAH concentrations (McCarty 1991; Matthew et al. 2008) . However, in the gravel column studies, the tissue concentrations and compositions for the various treatments also changed over the course of the exposure, which made it impossible to know the tissue residue concentration and composition of the toxicant(s) associated with an effect at the specific time(s) in the development of the embryo when the effect occurred (Mathew et al. 2008) .
Further complicating the treatment of the data from these studies is expression of the results in terms of initial aqueous TPAH concentration. Each treatment had a different mixture of individual PAH, each having a potentially different toxicity, which may vary with endpoint. Therefore, to establish the relationship between exposure and toxic response for complex mixtures of toxicants, selection of the appropriate dose metric is critical. Further, establishing a dose (concentration)-response based Toxicity of PAHs on Early Life Stages of Herring and Salmon on the selected metric will only establish inference about the causative agents and cannot by itself establish causality, because the response may simply be proportional to the toxic agent(s) measured and may not truly describe the actual agent-specific response, depending on what is used as the dose metric. To accomplish proof of causality for mixtures, there must be additional data showing that the response is a direct result of the compounds selected as the dose metric. For instance, proof of causality could come from a toxic unit model based on known toxicity mechanisms and response thresholds.
Heintz, Carls, and co-authors used TPAH as the dose metric, either as a water or tissue concentration. In doing so, they make the implicit assumption that PAH are the only toxic agents in leachates from weathered oil on gravel and that all PAH are contributing to the toxicity with equal potency, for all the endpoints being measured. Because the treatments in these studies have changes in tissue and water PAH concentrations and composition over time, none of the treatments represent simple dilutions of the most concentrated exposure effluent and, unless the PAH are equally toxic, TPAH as a dose metric is not an appropriate representative of the targetspecific toxicants. Further, PAH may not be the only toxicants eluted from the oil under these conditions, but were the focus by the authors of the papers under review. Since definitive tests were not performed to conclusively demonstrate that these were the only toxicants under the exposure conditions, conclusions about absolute cause cannot be considered definitive. Under these limitations and knowing that PAH are likely significant, if not the major, contributors to the toxicity, TPAH as an overall dose metric can only be considered an approximation and does not accurately represent the more meaningful metric of individual PAH congener toxicity. The chemistry data we review are: TPAH concentrations in gravel, column effluent water, and in the tissues of eggs and larvae; concentrations of specific PAH analytes in gravel, column effluent water, and tissues; and, PAH compositions (as percentages of individual PAH) in gravel, effluent water, and tissues. Table 1 summarizes the exposure conditions and treatments for the 1992 salmon study (Marty et al. 1997a,b) , the 1993 salmon study (Heintz et al. 1995 , and the 1999 salmon study (Carls et al. 2003 (Carls et al. , 2005 . All used the same oiled gravel column system with different gravel grain sizes and water flow rates to expose salmon eggs and alevins to aqueous extracts of PBCO.
The 1992-1999 Salmon Studies
Full details of the 1992 Marty et al. (1997a,b ) experiment were not found in published or unpublished project reports. Therefore, this review focuses on the Heintz 1993 salmon study, because a full range of data is available. In this study, two types of PBCO were tested: AWO (artificially weathered oil) applied to the gravel at seven concentrations ranging from 0 to 2,450 mg/kg total solvent extractables and VWO (very weathered oil), with a very different hydrocarbon composition from the AWO. The VWO gravel was re-used, after about 7 months of water-washing in columns and 3 months of open storage, from a similar experiment done a year earlier (Marty et al. 1997b) and was heavily biodegraded, as indicated by the almost complete loss of n-alkanes (EVOSTC 2009), compared with the 1993 AWO gravel. Prior to use in 1993, the total extractable oil concentration on the VWO gravel had decreased from 4,510 mg/kg in 1992 to 2,860 mg/kg at the beginning of the1993 study (Heintz et al. 1995) , consistent with extensive microbial degradation during previous use, as reported by Marty et al. (1997b) , and subsequent storage. Samples of the water, gravel, and eggs/larvae were collected at various time intervals, beginning at day 0 for gravel and day 1 for tissue and water. However, the sampling schedule was not consistent across all matrices and was not done with sufficient frequency during the first 4 weeks of the experiment, when the water and tissue concentrations were changing most rapidly, to identify the magnitude of the peak tissue concentrations and at what stage in embryo development they occurred. This is a key deficiency in this study because the water data (EVOSTC 2009) yield a half life for aqueous TPAH loss of ∼7 days for the higher exposure treatments,
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indicative of a rapidly declining aqueous concentration. By day 36, when the first egg tissue samples were taken, the aqueous TPAH concentrations were ∼3% of initial values.
The gravel, water, and tissue PAH concentrations in the AWO and VWO treatments did not provide uniform PAH compositions across treatments. For example, the percentage of naphthalenes in the day 0 VWO oiled gravel TPAH was 4.7% and the values for the AWO gravels ranged from 47.2% for the highest concentration to 4.4% for the lowest concentration (EVOSTC 2009). Similarly, the alkane, nC18, was more depleted in the lower oil concentration gravels than those with the higher oil concentrations. Because n-alkane depletion is a measure of biodegradation (NRC 1985) , this result is consistent with greater alkane biodegradation in the gravel for the more dilute treatments during the 4 days of column water flow before the initiation of the experiments. Tissue TPAH concentrations provided a better measure of the exposure required to produce a given effect than gravel TPAH concentrations but, as noted above, also contained different PAH compositions among treatments and exposure times. For example, day 36 egg alkyl naphthalenes ranged from 77% of TPAH for the highest exposure concentration to 35% for the lowest exposure concentration (EVOSTC 2009). Thus, the exposures were time variable in terms of both the concentration and composition of PAH such that Heintz et al. (1995 Heintz et al. ( , 1999 did not test an oil dilution series but rather a series of different PAH mixtures of differing concentration, complicating interpretation of the results.
Measured lethal effects included the number of dead eggs at the eyeing stage after 36d, the number of salmon fry that failed to emerge from the gravel at 177 d, and the marine survival of post-emergent fry Wertheimer et al. 1999) . While details of sublethal effects were not reported, Heintz et al. (1995) provide a summary figure showing that there was not a significant increase in aver-age% deformities above controls for initial aqueous TPAH concentrations ≤31 µg/L for the AWO treatments, consistent with the lowest observed effects concentration (LOEC) of 31.8 µg/L aqueous TPAH for ascites in emergent fry reported by Marty et al. (1997b) . Table 2 shows gravel, water, and tissue TPAH concentration data (EVOSTC 2009), as well as whether there was significant egg mortality by the eyeing stage (36 d of exposure) and larval mortality between eyeing and emergence of fry (between 36 and 177 d). The data are anomalous. The PAH-related toxic effect reported by Heintz et al. (1995 Heintz et al. ( , 1999 for the VWO treatment occurred at an egg and fry tissue TPAH concentration less than one-third the TPAH concentration that did not produce toxic effects in AWO treatments. Significant egg mortality at the eyeing stage (36 d) and fry mortality (between 36-177 d) were reported for the VWO treatment that resulted in an egg tissue TPAH concentration of 410 µg/kg and a fry tissue TPAH concentration of 380 µg/kg (Table 2) , whereas no significant egg mortality or fry mortality was reported for AWO treatments with egg tissue TPAH concentrations up to 1,950 µg/kg and fry tissue concentrations up to 1,220 µg/kg ( Table 2) .
The concentrations of alkyl-PAH congener groups, such as alkyl-phenanthrenes, also follow the dose-response trends shown by the TPAH values in Table 2 . Figure 2 shows the 36 d egg tissue concentrations of different alkyl-PAH congener groups for three different exposure experiments. The alkyl-phenanthrenes and alkyl-chrysenes are the PAH identified by Heintz et al. (1999) to be mainly responsible for the toxicity Table 2 . TPAH concentrations in gravel, water, and egg tissues, and egg/fry mortality in different treatments for the salmon study (Heintz et al. 1995 EVOSTC 2009) . Tissue TPAH values are rounded to the nearest 10 µg/kg dry wt.
Results reported as significantly different (p = .05) from control are identified in boldface and with an asterisk. 
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a Value is the mean (n = 2) for the AWO-74 indirect treatment. and are all substantially lower in the VWO treatment with toxic effects than in AWO treatments that showed no toxic effects. The egg tissue data show that the toxicity in the VWO experiment was not solely PAH-related, because it is impossible to have a PAH-related toxic effect when egg tissue concentrations of all PAH analytes measured are substantially higher in non-toxic treatments than in the toxic VWO treatment. The alevin tissue data plotted in a similar manner to the egg data in Figure 2 give similar results, with non-toxic AWO treatments at higher tissue PAH analyte concentrations than the VWO treatment. These data indicate that there is an absence of a monotonic dose response curve for all the treatments and do not provide support for a cause and effect relationship between the alkyl-PAH or TPAH and the effects observed in the VWO treatment. The fact that alkyl-PAH are considered by the study participants to be the active toxicants, means that the study acknowledges that all PAH are not equipotent; thus, TPAH cannot be considered an appropriate dose metric. Therefore, there is failure to establish an acceptable dose metric on two counts: lack of dose response; and, inability to identify the compounds associated with causality. The anomalous behavior of the VWO treatment results documented above is not observed in Figure 2 in Heintz et al. (1999) , which shows what appears to be a concentration-response relationship between oil concentrations and mortality of developing eggs and fry. This figure, reproduced here as Figure 3A with the VWO treatment results circled, is misleading because the "dose" for the VWO experiment (2,860 mg/kg total organic extractables on gravel) refers to the total initial oil concentration on gravel in 1993, suggesting that it produced an exposure on a par with the highest AWO exposure (2,450 mg/kg total extractables on gravel). The VWO gravel had a PAH composition that was profoundly different from the oiled gravels used for the AWO experiments. Because the VWO gravel was reused from a 1992 study, it was heavily biodegraded and, consequently, had a higher level of inert solvent-extractable material and a much lower TPAH concentration (4.6 mg/kg) compared with the high concentration AWO treatment (32.7 mg/kg) Figure 3A is based on total extractable organics in exposure gravel and not on TPAH concentration in either exposure water or egg tissues, it does not demonstrate causality or even provide a basis for inference as it ignores actual bioavailabile PAH concentrations. A confounding factor in the oiled gravel column studies is that the water and tissue PAH concentrations and compositions changed dramatically with time, and (Heintz et al. 1995 EVOSTC 2009 ). Data are fit using simple exponential decay curves.
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were not sufficiently measured to define the actual delivered exposure. Mathew et al. (2008) present evidence that the peak tissue PAH concentrations in the 1993 Heintz salmon study likely occurred prior to the first sampling at 36 d. Figure 4 shows that the aqueous alkyl-phenanthrene concentrations measured in the 1993 Heintz salmon study (EVOSTC 2009) declined rapidly, making it impossible to define the true exposure concentration. The total integrated alkyl-phenanthrene exposure, as defined by the area under the curve of the AWO-74 treatment that produced no toxic effect ( Figure 4A ), is much greater than that for the VWO treatment through day 36 ( Figure 4B ), indicating that the VWO egg mortality to eyeing at day 36 could not have been caused solely by tissue alkyl-phenanthrenes. Plotting TPAH in a similar manner yields a similar figure. Because the oiled gravel column exposure system produces aqueous PAH concentrations that vary dramatically over time, it is not possible to demonstrate a causal relationship between an observed effect and a chronic aqueous PAH concentration. Because tissue PAH concentrations fluctuate with those in the exposure water, target tissue PAH concentrations also change with time. Further confounding the problem of interpreting the effects of changing PAH concentrations to developing fish embryos, is that the target organism is also changing with time as it develops; the timing and extent of PAH exposure would produce different effects at different times in embryonic development (Timbrell 2000) . This reality renders the use of average exposure concentrations to describe chronic effects concentrations, such as an LOEC, also inappropriate because the aqueous exposure concentrations and resulting tissue concentrations are not constant. Heintz et al. (1995 Heintz et al. ( , 1999 reported sublethal responses in embryos exposed to different oil on gravel concentrations of AWO and VWO that were summarized Figure 5 . Re-drawn from Heintz et al. (1995) with additional descriptive information from Heintz et al. (1999) and EVOSTC (2009) and Table 2 .
graphically in Heintz et al. (1995) , re-drawn here as Figure 5 with a second x axis added showing maximum tissue TPAH concentrations for each treatment (EVOSTC 2009 ). The LOEC values for deformities, estimated for the treatments with overlapping 95% confidence intervals from Figure 5 , correspond to an initial water TPAH concentration > 31 µg/L, egg tissue TPAH > 15,800 µg/kg, and fry tissue TPAH > 6,140 µg/kg in the AWO exposure ( Table 2 ). The single VWO treatment produced significant sublethal effects at an initial water concentration of 1 µg/L, and egg and fry tissue concentrations of 410 and 380 µg/kg, respectively ( Table 2) . The sublethal responses observed could have been caused by, but are not specific to, PAH exposure, and do not correlate with tissue concentrations of TPAH or alkyl-PAH. For example, some of the observed responses could have been caused in part by bacterial toxins (Hamm et al. 2006; Berry et al. 2007) as discussed later in this article. The results of the Heintz et al. (1997 Heintz et al. ( , 1999 studies do not support a conclusion that very weathered oil is more toxic than artificially weathered oil. They also do not support a conclusion that weathered oil can cause adverse effects to salmon eggs or fry at water TPAH concentrations of 1 µg/L.
The 1999 salmon study (Carls et al. 2003 (Carls et al. , 2005 exhibited lower sensitivity for some endpoints than the AWO results of the earlier salmon studies. This 1999 oiledgravel column study had 10-fold higher water flow rates (Table 1) that resulted in a lower control egg mortality of 8.1% compared with a much higher control egg mortality for the 1993 study of 29.6%. In addition, the 1999 salmon study observed Toxicity of PAHs on Early Life Stages of Herring and Salmon no significant egg mortality at any exposure level (Table 3) , compared with a LOEC for egg mortality, using initial water concentrations as the dose metric, of 18 µg/L TPAH for the 1993 study (Heintz et al. 1995 . The laboratory records for the 1999 salmon study (Sebastian 2010) show that a VWO treatment was included in the study design and data were taken through emergence (∼180 days), but no results have been published or reported (Appendix 1).
Taken together, the data (Table 3) for these studies, using the initial concentration as the dose metric, suggest an aqueous TPAH no observed effects concentration (NOEC) for embryo mortality of 8 to 16 µg/L, with a less well-defined LOEC with a range of 18 to >45 µg/L. For alevin mortality at emergence, the data indicate an initial aqueous TPAH NOEC ∼8 µg/L and a LOEC ranging from 16 to 18 µg/L. However, when evaluated more appropriately (McCarty et al., 2011) based on tissue concentrations of TPAH, the results of these studies are not readily comparable because of the differences in exposure duration at measurement (Table 3 ). In the 1999 study, there was no significant mortality after 55 d exposure at 11,000 µg/kg TPAH in egg tissues, compared to a significant mortality in the 1993 study at 6,940 µg/kg TPAH in egg tissue. For sublethal effects, the Heintz 1993 salmon study ( Figure 5) found an initial aqueous TPAH NOEC for % deformed larvae at emergence of >31 µg/L and a LOEC of ∼48 µg/L. However, the results of the 1999 (Carls et al. 2005 ) study were different and reported an initial aqueous TPAH NOEC for mean percent abnormal alevins at emergence of ∼4 µg/L and a LOEC of ∼16.5 µg/L, illustrating the lack of consistency of sublethal effects among the studies. It is worth noting again that, despite suggesting that some adverse effects thresholds based on aqueous TPAH exist, the data from these studies do not confirm that PAH were the causative agents or that some subset of compounds was more important than others (i.e., all PAH are not equally potent). The results of the Heintz et al. (1999) study recently were examined with toxic unit models, as discussed below. Finally, the salmon experiments were not repeatable even within the same laboratory, demonstrating the complications of the dynamic exposure conditions and potential confounding factors such as potential differences in brood stock and microbial action that were not evaluated.
The Carls et al. (1997, 1999) Herring Study
In the 1995 herring egg/larvae experiment of Carls et al. (1997 Carls et al. ( , 1999 , herring eggs on glass slides were exposed to the effluent from oiled gravel columns. The treatments involved four levels of artificially weathered oil, mixed with gravel, prepared as in the salmon studies (Table 4) , plus a control, with the highest gravel loading >10-fold greater than the highest oil loading in Heintz et al. (1995 Heintz et al. ( , 1999 . The columns for the herring studies were larger, contained more oiled gravel and had higher flow rates than in the columns for the salmon studies (Table 1) . The 2 treatments consisted of an initial 16 d exposure study with oiled gravel prepared from less weathered oil (LWO, Study 1) and, after a 13 d period during which the columns were drained and stored with no water flow, a second exposure study with the same oiled-gravel columns containing LWO that had been weathered by flowing water for 16 d and damp storage without water flow for 13 d to simulate a more-weathered oil (MWO, Study 2). As was the case with the salmon studies, the Table 3 . Key results of the 1999 Carls salmon study (Carls et al. 2003) and the 1993 Heintz salmon study .
Treatments are arranged in terms of increasing initial water TPAH concentration. Table 4 . Oil loading (mg/kg total extractable organics) on column gravel at day 0 and PAH concentrations on column gravel on day 2 of the herring eggs study (Carls et al. 1997 (Carls et al. , 1999 LWO was artificially weathered by heating to 70 • C and weathered further during the short flushing period before Study 1 began. This resulted in variable concentrations of different PAH among different oil gravel loadings. For example, the Day 2 naphthalenes concentrations in the LWO gravel ranged from 64.1% of the gravel TPAH for the highest treatment concentration to 50.8% for the lowest treatment concentration. For both Studies 1 and 2, herring eggs on glass slides in separate tanks were exposed to column effluents (Figure 1) for 16 d and then transferred to jars in clean seawater. Water TPAH concentrations were measured at several time intervals in all treatments and for both studies. Tissue TPAH were analyzed periodically in eggs from all treatments in the Study 2 MWO experiment, but only in the control and highconcentration treatments in the Study 1 LWO experiment, making it impossible to compare exposure and temporal trends in tissue PAH concentrations and compositions for among all LWO and MWO treatments, as was done for the Heintz et al. (1995 Heintz et al. ( , 1999 salmon studies. Egg and larval mortality were measured in both studies. In addition, 10 sublethal effects were measured by non-blinded (observers knew the identity of the treatments) visual scoring: median hatch day; peak hatch day; % spinal defects; % effective swimmers; % small jaw; % pericardial edema; % yolk sac edema; yolk volume; spinal curvature; and, length. Carls et al. (1997 Carls et al. ( , 1999 used initial water TPAH concentrations as their dose metric to evaluate relationships between PAH exposure and toxicity. Although there is not a full set of tissue PAH data for all treatments and recognizing the limitations posed by variable exposure concentrations and compositions among treatments and during the exposure period, and assuming, as Carls et al. (1999) did, that dissolved PAH are the only toxicants eluted from the columns, we evaluated the tissue TPAH concentration as the more appropriate dose metric. Carls et al. (1999) report tissue data on a wet tissue weight basis. This confounds interpretation of the tissue residue data because the ratio of wet tissue weight/dry tissue weight ranges from 5 to 16 for the herring egg samples as reported in EVTHD (EVOSTC 2009), indicating a large variation in% solids in embryos at different stages of development and from different females. To eliminate the problem of variable water content in the herring eggs, we analyzed only the dry wt. tissue data reported in EVTHD. Our review focuses on data for days 4 and 8. In the MWO study, the tissue TPAH concentration was highest at day 4, as illustrated by the peak egg TPAH concentration for the MWOmid treatment ( Figure 6 ). The available tissue data for other MWO treatments and the LWO-high treatments also indicate that peak tissue PAH concentrations were reached by ∼4 d of exposure (EVOSTC 2009). As was the case for Heintz et al. (1995 Heintz et al. ( , 1999 , the Carls et al. (1997 Carls et al. ( , 1999 ) study data do not support the conclusion that the TPAH in more weathered oil are more toxic than the TPAH in less weathered oil, because there were significant egg/larvae mortalities in MWO treatments in which day 4 and day 8 aqueous TPAH concentrations were lower than those in LWO treatments with no significant egg/larvae mortalities. Figure 7 illustrates that, while the MWO-mid treatment had significant larvae mortality, the LWO-low treatment had no significant mortality at substantially higher aqueous PAH concentrations for individual alkyl-PAH congener groups, including alkyl-phenanthrenes. Figure 8 illustrates the same phenomenon for sublethal toxicity to herring larvae. Figure 8A shows few significant effects at relatively higher day 4 aqueous TPAH concentrations in the LWO-low treatment and none for the LWO-trace treatment. However, many more significant effects were observed at ∼4 times lower aqueous TPAH concentrations for the MWO-mid and MWO-low treatments. Using yolk-sac edema as a sublethal endpoint, Figure 8B shows no significant increase in observed yolk sac edema for the LWO-trace treatment that had higher aqueous concentrations of TPAH analytes compared with the MWO-low treatment with lower concentrations of all TPAH analytes that had significant yolk sac edema. This lack of concentration-response behavior indicates that the MWO effects observed cannot be causally related to PAH exposure. Figure 5 in Carls et al. (1999) shows two dose-response relationships with the MWO shifted to lower aqueous TPAH concentrations compared with the LWO data. Such shifts in dose response curves clearly suggest that the selected dose metric does not explain all the toxic Figure 8 . Frequency of sublethal effects in herring larvae versus aqueous TPAH and aqueous alkyl-PAH congener concentrations. A. Frequency of significant sublethal effects in herring larvae exposed to different aqueous TPAH concentrations in LWO and MWO effluents. B. Aqueous concentrations of different alkyl-PAH congener groups in non-toxic trace LWO and toxic low MWO effluents. Frequency of yolk sac edema was significantly increased in herring larvae exposed to low MWO effluent. Data from Carls et al. (1997 Carls et al. ( , 1999 and EVOSTC (2009). response for the MWO study. Based on our Figures 7 and 8 , selecting specific PAH, that is, alkyl phenanthrenes, as likely toxicants would not have addressed the difference in sensitivity found in the MWO study, suggesting that other factors, some of which are described below, were significantly contributing to the response of the herring eggs in the MWO study. A confounding factor in the Carls et al. (1997 Carls et al. ( , 1999 herring study is the source of the herring used in the LWO and MWO studies. The herring were collected from different locations on different dates with the collections for the LWO experiment occurring on April 11, 1995, at a location 200 miles south of where fish for the MWO experiment were collected on May 13, 1995. The differences between the eggs produced by the 2 populations of herring are evident in Figure 9 , redrawn from Carls et al. (1999) , which shows embryo mortality as a function of initial water TPAH concentrations. The mean control egg mortality was approximately 5% in the LWO study and 20% in the MWO study (Figure 9 ), indicating that the eggs used in the MWO study were not as healthy as those used in the LWO study. The use of different eggs for the two tests confounds the results of Carls et al. (1997 Carls et al. ( , 1999 . Further potential confounding factors are discussed later in this article.
The conclusion of Carls et al. (1999) , that <1 µg/L of dissolved TPAH from more weathered oil (MWO) causes mortality and sublethal effects in herring eggs and larvae is contradicted by their own exposure water chemistry data. Toxicity cannot be attributed to TPAH exposure in one experiment when associated experiments show no toxicity for exposure to higher levels of TPAH analytes (Carls et al. 1997 (Carls et al. , 1999 . The dose-response relationships for MWO treatments show a lack of causality with respect to aqueous TPAH because there were two separate dose-response relationships based on TPAH instead of a single dose-response relationship. In summary, the conclusion of Carls et al. (1997 Carls et al. ( , 1999 ) that oil toxicity increases as it weathers is not supported by their data. Their argument for the higher toxicity of MWO is based on the increase in the relative concentrations of higher molecular weight alkyl-PAH Table 5 . Day 0 (initial) concentrations of TPAH and individual alkyl-PAH congener groups in column effluent water (EVOSTC 2009) and response data for the LWO-Low concentration treatment and the MWO-High and MWO-Mid concentration treatments of the herring egg studies (Carls et al. 1997 (Carls et al. , 1999 in the MWO effluent than in the LWO effluent. However, measured concentrations of high molecular weight PAH were lower in the more toxic day 0 MWO-high and MWO-mid effluent treatments than in the LWO effluent concentration with greater TPAH concentrations (Table 5 ). More important, their data also do not support a conclusion that weathered oil can cause adverse effects to herring eggs or larvae at water TPAH concentrations of 1 µg/L. The authors' data indicate that PAH exposure alone was not responsible for the effects observed during exposure to MWO. The data do, however, support the inference that initial aqueous TPAH concentrations greater than ∼34 µg/L can cause adverse effects to herring eggs or fry under the experimental conditions used. Because of the absence of supporting data such as definitive tests with only PAH present or a clear mechanistic model, the best that can be attributed to these tests is inference and not causality. However, as with the salmon study, an attempt was made post-publication to examine causality via toxic unit models as described later. Heintz et al. (1995 Heintz et al. ( , 1997 and Carls et al. (1997 Carls et al. ( , 1999 report that oil toxicity is associated with higher molecular weight (MW) PAH and that oil becomes more toxic as it weathers because the proportion of higher MW PAH in the oil increases with weathering. However, their conclusions are based on a comparison of the relative concentrations of PAH (% TPAH) (i.e., fractions) in each of the treatments; they ignore the absolute concentrations of TPAH and individual PAH. In addition, they ignore any compounds other than PAH as potential contributors to the observed response as described below.
ERRORS IN CHEMICAL ASSESSMENTS
As oil weathers, the higher MW PAH comprise an increasing proportion of the remaining PAH residues because lower MW PAH are lost more rapidly (NRC 1985; Di Toro et al. 2007) . For the Heintz et al. (1999) AWO-74 (not toxic) treatment, the day 1 water TPAH had 13.9% alkylphenanthrenes as compared to 26.2% alkylphenanthrenes in the day 1 water TPAH for the VWO (toxic) treatment. However, the absolute concentrations of all PAH analytes decreased with weathering, reducing the overall toxicity as shown for the alkyl-phenanthrenes in Figures 2 and 3 . For the AWO-74 (not toxic) treatment, the day 1 water alkylphenanthrenes concentration was 1.1 µg/L and for the day 1 VWO (toxic) it was 0.26 µg/L. Alkyl-phenanthrenes were considered the most toxic PAH by Heintz et al. (1995 Heintz et al. ( , 1999 . However, as shown above and in Figures 2 and 3 , AWO treatments with no significant egg mortality at 36 d contained higher concentrations of alkyl-phenanthrenes than the VWO treatment that showed toxicity. Toxic effects depend on absolute concentrations of analytes in exposure water and tissue, not their relative concentrations. Therefore, Heintz et al. (1995 Heintz et al. ( , 1999 are not correct in considering the alkyl-phenanthrenes ("persistent PAH") to be mainly responsible for the VWO toxicity they observed. Nor, as previously discussed, are they correct in concluding from their data that weathering increases oil toxicity. Further, Heintz et al. (1995 Heintz et al. ( , 1999 did no definitive tests to support their supposition that these compounds were in fact the toxic agents. Such support should include tests with only the suspected toxicants to show that they can produce toxicity in the range identified or mechanistic models based on known toxic thresholds. Thus, while inference may be attributed to the AWO data for toxicity by PAH, causality has not been established for either the AWO or VWO data.
Similar errors were made by Carls et al. (1997 Carls et al. ( , 1999 , who also interpreted their herring toxicity data in terms of the relative amounts of higher MW PAH, not absolute concentrations. Carls et al. (1999) observed greater toxicity in MWO treatments, but failed to consider the fact that this toxicity occurred at lower absolute and relative concentrations of higher MW PAH compared with the non-toxic LWO treatments as illustrated by the data in Table 5 . Thus, the apparent enhanced MWO toxicity observed was not solely PAH-related. Carls et al. (1997 Carls et al. ( , 1999 and Heintz et al. (1995 Heintz et al. ( , 1999 misinterpreted their data in concluding that oil becomes more toxic as it weathers. Carls and Meador (2009) failed to correct this misinterpretation and thus perpetuated the incorrect conclusions of these studies that very weathered oil is more toxic than less weathered oil. Confounding factors involving unmeasured compounds or stressors other than PAH were likely partly or completely responsible for the toxicity observed to both herring and salmon eggs/larvae, as discussed below.
CONFOUNDING FACTORS
The Carls et al. (1997 Carls et al. ( , 1999 and Heintz et al. (1995 Heintz et al. ( , 1999 studies focused on dissolved oil, that is, PAH dissolved in the water not in droplets or associated with particles, but the analytical methods used did not distinguish between dissolved and Toxicity of PAHs on Early Life Stages of Herring and Salmon particulate oil. They did not consider the possibility (Brannon et al. 2006 ) of direct contact with oil droplets during exposure, when interpreting their toxicity data, because they concluded that phytane, a marker for non-dissolved oil, was absent from all tissue and water samples. In the Heintz et al. (1999) salmon study, the eggs were placed in direct contact with the oiled gravel in the AWO and VWO treatments, or were exposed to just the aqueous effluents from the AWO columns. It is counterintuitive to assume that the oil phase in the oiled gravel was not directly transferred to the eggs in some proportion of the total accumulation during the direct exposure. However, the eggs exposed to just the aqueous effluent contained similar tissue PAH concentrations and compositions to the eggs exposed directly to oiled gravel. Thus, the influence of oil-coated particles and direct contact with oil remains in question.
The hydrocarbon chemistry data for these studies indicate the presence of nondissolved oil in the water and on the eggs. Most tissue and water samples for both studies contained highly insoluble saturated hydrocarbons, including phytane (EVOSTC 2009) . A total of 29 of 31 exposure water samples collected in the Heintz et al. (1995 Heintz et al. ( , 1999 salmon study contained phytane; 55 of 69 exposure water samples collected in the Carls et al. (1997 Carls et al. ( , 1999 herring study contained phytane. The presence of phytane indicates that non-dissolved oil was in the aqueous effluent from the columns for these studies. Marty et al. (1997b) also confirmed the presence of phytane in effluent water from the 1992 oiled-gravel column experiments and Pearson (2005) and Brannon et al. (2006) confirmed the presence of oil droplets in effluents from oiled-gravel columns similar to those used by Heintz et al. (1999) and Carls et al. (1999) . The presence of non-dissolved oil on eggs was also recorded in laboratory notebook pages from these studies (Dahlberg 1998) . For example (Appendix 2), the Heintz 1993 Pink Salmon Genetics Lab Notebook entry from October 24, 1993 reads: "Oct 24-observed particulates settled on the eggs in some higher dose incubators. I removed some and smeared the particulates over my fingers. The material appeared to be oil not fine gravel. Somehow flecks of oil settle out of the water column onto the eggs. We will photo this. This was apparent when eggs were mixed w/ gravel also. Remember that now the eggs are all on screens to facilitate siphoning during picking." Similarly (Appendix 3), the Heintz 93 BY Incubation-Env Monitor Laboratory Notebook 12/5/93 reads: "While removing the eggs I observed that the yellow treatment (1.125 g of oil) had oil dusting on the eggs." These findings indicate the presence of non-dissolved oil in the water and on the eggs during oil gravel column experiments. Thus, uptake and toxicity of PAH cannot be attributed solely to the dissolved fraction of the oil. These observations also may explain why salmon in direct contact with oiled gravel and those exposed to column effluent alone contained similar concentrations and compositions of PAH.
Microbial colonization, including fungal and bacterial infections, is common in egg and fry culture of fish (Barnes et al. 2002; Marty and Heintz 2010) . It is not surprising, therefore, that we found examples of fungal and bacterial growth in oiled gravel treatments recorded in the laboratory records (Dahlberg 1998 ) of the reviewed studies: gram-negative bacterial growth in jars containing incubating herring eggs that had previously been exposed to oil-rock column effluent (Carls et al. 1999 (Carls et al. , 1995 Appendix 4) ; and examples of fungal growth on salmon eggs (Heintz et al. , 1993 brood year pink salmon study; Appendix 3).
Further, a review of the literature shows that there are clearly documented examples of microbial contamination in similar oiled rock column experiments performed by others (Clarke et al. 2004; Hustad 2008) in which the infections confounded the results.
Microbes can affect embryo mortality directly through an infectious process or indirectly affect mortality and other endpoints through production of toxic metabolites. Microbial contaminants can produce toxic metabolites through the biodegradation of weathered oil, particularly when the systems are nutrient enriched. For example, Middaugh et al. (2002) showed that bacteria isolated from PWS Alaska degraded Alaskan North Slope crude oil and further that the degradation products were more toxic and teratogenic than the unmetabolized fractions of oil. Middaugh et al. (1998) also showed that exposure of embryonic and larval Pacific herring to water-soluble microbial degradation products of weathered petroleum produced significant embryo mortality or teratogenic responses. Similarly, Middaugh et al. (1996) , Shelton et al. (1999) , Hamdoun et al. (2002) , and Sepič et al. (2003) also demonstrated that products of microbial degradation of petroleum hydrocarbons can contribute to oil toxicity.
Oiled-gravel columns can act as bioreactors in which microbial colonization results in the metabolism of organic matter, with infertile eggs and dead embryos providing a nutrient source for microbial metabolism, in addition to the weathered oil. Thus, there is the clear potential for increased mortality and abnormalities caused by toxic bacterial biodegradation products to be mistakenly ascribed to PAH exposure. Such a mis-attribution seems a particular risk in the VWO treatment that re-used oiled gravel from a prior experiment and was shown by Marty et al. (1997b) to have undergone extensive microbial degradation even before long-term storage and reuse in 1993 column experiments.
In view of this published literature and the data from these studies, we disagree with the claim made by Carls and Meador (2009) that the toxicity of oiled-rock column effluent is independent of microbial activity. It is impossible to know with certainty the extent to which the oiled-rock column experiments reviewed here were contaminated and affected by microbial colonization. It is clear, however, from our review of these studies that microbial contamination was an observed and uncontrolled variable in those experiments. Hydrocarbon chemistry data from both the 1993 salmon study and the 1995 herring study (EVOSTC 2009) demonstrate extensive microbial activity in the oiled gravel columns. Figure 10 illustrates this for the 1995 herring study, showing the rapid loss of the easily biodegraded alkane nC18, where ∼50% of the nC18 is lost during the 0-16 d LWO period, another ∼25% was lost during the period between experiments and a final ∼15% was lost from the remaining nC18 during the MWO 30-46 d period. The sum of chrysenes was used as a reference point to assess extent of oil biodegradation (Short et al. 2007) , because their degradation is very slow. Similar biodegradation occurred in the 1993 salmon study as reflected in the gravel hydrocarbon chemistry data (EVOSTC 2009 ). Review of the published literature demonstrates that this is a potentially important variable that can dramatically affect the results of the experiments. That such microbial contamination occurred is not surprising, but failure to document and provide at least analytical, if not operational, control of this confounding factor is a substantial flaw in the reviewed work. with time in effluent water from the high-concnetration LWO and MWO treatments in the herring egg studies of Carls et al. (1997 Carls et al. ( , 1999 . Chemistry data are from (EVOSTC 2009).
The morphological responses evaluated by Heintz et al. (1999) and by Carls et al. (1999) are not specific to PAH exposure, and cannot be reliably attributed to PAHs. Mortality and teratogenesis in early fish life stages can result from exposure to a number of natural and anthropogenic toxicants, including by-products of microbial activity. In fact, herring larvae used as controls in laboratory experiments often show a high proportion of the deformities reported by Carls et al. (1999) for unexplained reasons (Griffin et al. 2009; Hershberger et al. 2005; Vines et al. 2000; Kocan et al. 1996a,b; Pearson et al. 1995) . Examples of factors that cause morphological and other deformities in fish (e.g ., skeletal and spinal deformities, vascular and cardiac deformities and dysfunction, edema of various organs including the yolk sac, neurologic signs and abnormal hatch rate and size) include hypoxia (Shang and Wu 2004) , bacterial toxins (Grisolia et al. 2009; Osswald et al. 2009; Hamm et al. 2006; Berry et al. 2007; Liu et al. 2002) and saxitoxin (Lefebvre et al. 2004) . et al. (1999) and Heintz et al. (1999) concluded, without verification, that either dissolved TPAH or alkyl-phenanthrenes were the responsible causative agents for the toxic responses to exposure to effluents containing MWO or VWO. Subsequent to the publication of these papers, Barron et al. (2004) undertook a modeling study to investigate the possible causes of the toxicity of oiled gravel column effluents. Tissue TPAH and individual PAH concentrations were used as the dose metrics and the data were fit to four different models, a sum of PAH model based on non-polar narcosis for chronic mortality, an aryl hydrocarbon receptor (AhR) model which is identified with induction of cytrochrome P450, a toxic unit model for alkyl-phenanthrenes (AP), and a model combining the toxic units from narcosis, AhR, and AP models. Barron et al. (2004) used wet wt tissue PAH data for the herring egg study. As discussed earlier, wet wt/dry wt ratios in herring eggs vary widely during development and in eggs from different females, confounding interpretation of dose-response relationships. In addition, there was not a complete tissue data set available for the LWO experiment precluding equal comparison between the two experiments. Therefore, because the modeling of the herring data was compromised by both the wide variability in the wet weight-based tissue PAH data used and the absence of a complete data set, only the modeling results for the Heintz et al. (1999) salmon study will be discussed here.
INVESTIGATING CAUSALITY

Carls
Tissue PAH concentrations after 35 d of exposure in the salmon study were used for the modeling by Barron et al. (2004) . Although, this tissue PAH concentration was not the peak concentration for all treatments based on the data in Figure 3 of Heintz et al. (1999) or based on the modeling of PAH in tissue that included accounting for biotransformation (Mathew et al. 2008) , it provided a consistent exposure duration. The narcosis model at the highest concentration only yielded 0.243 toxic units and so narcosis was ruled out as the main driving force for the observed toxicity. The AhR model only yielded 0.139 toxic units at the highest concentration. The best single model was the AP model, but the toxic VWO treatment had lower toxic units than the non-toxic AWO treatments, consistent with the concentrations in tissues shown in Figure 3E . Thus, the model was mostly tracking the AWO data and the VWO data were an anomaly. The range of toxic units for the AP model ran from 0.113 to 6.205 across the range of treatments, not including the control. Predicted toxic units did not correlate well with measured toxicity of the different AWO and VWO treatments. The modeling activity supports the conclusions of Heintz et al. (1999) that alkyl-phenanthrenes likely dominated the observed response in the AWO treatments but cannot account for the enhanced toxicity of the VWO treatment, suggesting that either other unmeasured compounds or non-chemical stressors were contributing to the toxic response in addition to the PAH. While the modeling activity is encouraging, tests with the suggested toxicants in the ranges found in these studies would be required to definitively identify causality.
Overall, Barron et al. (2004) provide some very suggestive data that alkylphenanthrenes probably are substantial contributors to the observed egg/larvae toxicity in the salmon experiments, but modeling results are somewhat uncertain because of the use of trout embryo data as opposed to species-specific data for the toxic unit determination and the use of only one alkyl-phenanthrene, retene (a C 4 -phenanthrene not present in crude oil), instead of compound specific potency information for toxic unit determination. However, these data clearly demonstrate that the use of TPAH, either as an aqueous concentration or tissue concentration, as a dose metric is not appropriate for evaluating oil toxicity.
CONCLUSIONS
The conclusions of Heintz et al. (1995 Heintz et al. ( , 1999 and Carls et al. (1997 Carls et al. ( , 1999 ) that weathered oil is more toxic than unweathered oil and that such toxicity occurs at
